We assessed aquatic invertebrate response to ecological rehabilitation treatment in 20 depression wetlands on
Introduction
Hydrology is widely viewed as the key factor controlling the ecological structure and function of wetlands (Sharitz et al. 2014 ). As such, restoration or rehabilitation of degraded wetlands is premised on the idea of first restoring natural hydrology, with the assumption that appropriate biota will then reestablish (Barton et al. 2008; Galatowitsch and Zedler 2014) . For restoration projects, vegetation response is the biotic variable most often measured (Aronson and Galatowitsch 2008; De Steven et al. 2010) . While plants are crucially important to wetland ecology, restoration efforts are meant to develop suitable conditions for the full suite of organisms found in wetland habitats (microbes, invertebrates, amphibians, birds) . It has been demonstrated that monitoring response of multiple groups of organisms provides more information about restoration success than focusing solely on a single group (Brown and Batzer 2001; Hartzell et al. 2007) .
Wetland invertebrates can be strongly influenced by hydrology, and most taxa in wetlands are adapted to tolerate cycles of alternating wet and dry conditions (Wiggins et al. 1980; Batzer and Wissinger 1996; Wissinger 1999) . In general, longer wet periods promote a greater diversity and abundance of invertebrates (Schneider and Frost 1996; Taylor et al. 1999; Wissinger 1999 ). The differences in diversity and composition are often pronounced between temporary and permanent wetlands (Wellborn et al. 1996; Wissinger 1999 ; but see Wissinger et al. 2009 ). However, among differing periods of temporary flooding, less change in macroinvertebrate communities may develop (Batzer et al. 2004) . Among Carolina bays and isolated wetlands in South Carolina, the microcrustacean assemblages vary seasonally, and wetlands with longer hydroperiods generally exhibit greater species richness (Taylor et al. 1999) . Fairy and clam shrimp, however, are typically restricted to wetlands with short hydroperiods (e.g., DeBiase and Taylor 2005) .
Because of these sensitivities, invertebrate responses should be useful metrics for assessing ecological responses to restoration of wetland hydrology (Meyer and Whiles 2008) . Additionally, wetland invertebrates are also responsive to vegetation structure and complexity, and thus alteration of plant communities should also influence the restoration of invertebrates (Brown et al. 1997; Batzer et al. 2000 Batzer et al. , 2005 Hartzell et al. 2007 ). Finally, and perhaps most importantly, invertebrates constitute an integral part of aquatic food webs in wetlands (e.g., Batzer and Wissinger 1996; Taylor et al. 1999) .
In 2001, an experimental restoration (or rehabilitation, see below) of small depressional wetlands was conducted in South Carolina, and the success of this effort was assessed using physical, vegetative, and invertebrate measures. Both physical (hydrology, soils; Barton et al. 2008 ) and vegetative (De Steven et al. 2010) measures indicated a considerable level of success for this effort. This paper examines the response of aquatic invertebrates, and contrasts those findings with the results from hydrology, soil, and plant monitoring.
Study Sites and Experimental Design
The Savannah River Site (SRS), a 780-km 2 federal reserve in South Carolina in the Sand Hills ecoregion of the Atlantic coastal plain, contains at least 300 isolated depressional wetlands, including some Carolina bays (Kirkman et al. 1996) . At least two-thirds of these wetlands were drained by ditches, constructed prior to 1951 when much of the land was farmed. Agricultural activities stopped when the federal government acquired the land. Much of the agricultural land was eventually converted to pine plantation, and many of the wetlands were left essentially undisturbed.
Our study was one component of an experimental wetland rehabilitation program. The goal of the program was to test responses of small depressional wetlands to treatments designed to remove the hydrologic effects of ditches and promote development of appropriate wetland meadow or wetland forest vegetation. The experimental design targeted 20 small (0.3-3.3 ha in area), ditched, forested wetlands that were believed to have short hydroperiods (standing water typically present for 30 % of year or less) (Fig. 1, Table 1 ). Vegetation in most of the wetlands was dominated by facultative wetland trees (e.g., sweetgum Liquidambar styraciflua, loblolly pine Pinus taeda, longleaf pine P. palustris, and water oak Quercus nigra), although wetlands #5011 and #5204 were dominated by upland hardwoods (Barton and Singer 2001; De Steven et al. 2010) . Only wetland #5 contained marsh with obligate wetland herbaceous species. Hydric soils were present at all but two (#5055 and #5028) of the wetlands (Barton and Singer 2001; Barton et al. 2008) . Because the ditched wetlands retained many features diagnostic of jurisdictional wetlands (flooding, hydric soils, viable hydric vegetation, viable wetland fauna), we term our efforts to return more natural conditions as a Brehabilitation^rather than as a Brestoration^.
Sixteen of the 20 wetlands received rehabilitation treatment, and four wetlands remained untreated as a control group (Table 1) . Treatment included logging of all trees, plugging drainage ditches, and planting wetland trees and grasses (Barton et al. 2007) . Fifteen wetlands were logged in December 2000-January 2001; the other (#5) was logged in February 2002. Plugging the drainage ditches with impermeable clays was delayed until 2002 (January-February for 15 of the wetlands; December for #5016) by permitting constraints. However, most of the ditches were effectively blocked in 2001, when soil was pushed into the ditches and compacted to facilitate movement of logging equipment. Low densities of obligate wetland tree seedlings were planted in half of the wetlands in February-March 2001); this component of treatment was unsuccessful and is not considered further here. Small (100-300 m 2 ) test blocks of wetland grasses (Leersia hexandra and Panicum hemitomon) were planted in AprilMay 2001 in 12 wetlands.
Our study began in 1998. Because the set of the wetlands designated for treatment was subsequently revised, we have 3 years of pre-rehabilitation samples for only 13 of the 16 treatment wetlands.
Median annual precipitation in the study region is 113 cm (measured at Blackville, South Carolina for 1895 -2011 Menne et al. 2012) . Our study spanned 2 years of high rainfall (1998: 133 cm, 85th percentile and 2003: 130 cm, 81st percentile) and 4 years of low rainfall (1999-2001: 86-102 cm, 5th-23rd percentile) . Substantial variation in wetland hydroperiods existed among years and within both control and treatment groups ( Table 1 ). All of the wetlands that were sampled held water on at least two sampling dates in the wet year (1998), the initial year of the pre-treatment phase. Over the next four dry years (1999) (2000) (2001) (2002) , the last 2 years of the pre-rehabilitation phase and the first 2 years of the rehabilitation phase), 16 of the 20 wetlands failed to flood at all in some years. Every wetland flooded in the wet year of 2003, the final year of this study, with all holding water in April, June, and August. Maximum observed water levels for the wetlands ranged from 30 to 80 cm during the wettest year of the pre-habilitation phase (1998) and from 20 to 125 cm during the wettest year of the rehabilitation phase (2003) . Median water temperatures ranged from 8°C in December to 28°C in August. The water was acidic to circumneutral; pH values were typically between 5 and 6. Detailed hydrologic information for each wetland, including responses to rehabilitation, is available in Barton et al. (2008) .
Invertebrate Methods Hypotheses
We predicted that invertebrates could respond to this rehabilitation effort in several ways. It is well established that hydroperiod length can affect wetland invertebrates (see Introduction). Many organisms cannot survive short hydroperiod conditions, and thus the longer wetland hydroperiods resulting from plugging ditches could provide habitat to more and possibly new invertebrates. However, we were concerned that this effort might have negative consequences for any taxa specifically associated with short hydroperiods, and rehabilitation efforts might thus result in declines or losses of these kinds of taxa. Regionally this could be an important consideration because natural short hydroperiod wetlands have undoubtedly been more impacted by past human development than long hydroperiod sites because they are more easily drained or filled. Finally, the rehabilitation involved both a change in hydroperiod and a change in vegetation. Logging converted the post-rehabilitation sites from forested to herbaceous wetlands (see De Steven et al. 2010) , and this kind of vegetative change can affect invertebrates even if hydrology remains the same (e.g., Batzer et al. 2005) . Macroinvertebrates (insects, malacostracan crustaceans, mollusks, annelids) were sampled using a D-frame sweep net (30 cm width, 1 mm mesh). This net is considered the best device to sample overall macroinvertebrate communities in wetlands (Cheal et al. 1993; Batzer et al. 2001) , but data can only be expressed semi-quantitatively (i.e., numbers/sample). For each bimonthly sample per wetland, three 1-m long sweeps were collected by scraping the net along the benthic substrate and through the water column and any vegetation; in most cases this effort included the whole water column. To obtain a representative overall sample, one sweep was collected along the pond edge, the second in the pond center, and the third either at a mid-way point or in a sub-habitat not covered by the first two sweeps (e.g., plant stand). The contents of the three sweeps were then pooled into a single collection, and preserved in 95 % ethanol.
Macroinvertebrates were separated from plant material (leaves, twigs, algae) and substrate by hand under a dissecting microscope. If large amounts of debris occurred, samples were typically sub-sampled (25 or 50 %) and data extrapolated. Organisms were identified to family or genus using keys in Thorp and Covich (1991) and Merritt and Cummins (1996) . For analyses, we opted to use the family level because the majority of individuals were early stage immatures where classification to genus is unreliable. Additionally, the family Chironomidae (midges) was among the most abundant groups occurring, and a study in a nearby wetland (Leeper and Taylor 1998a) indicated that this family could comprise more than 50 species and dozens of genera per wetland, with considerable expertise required to identify them. Labeling midges to family and other more easily identified groups to genus was deemed inappropriate. In a recent study of macroinvertebrates from 117 temporary wetlands (Ruhí and Batzer 2014) , taxon richness analyses based on family or genus generated very similar results. Microcrustaceans (Copepoda and Branchiopoda, including Cladocera, Anostraca and Laevicaudata) were sampled qualitatively. Abundances of microcrustaceans in these wetlands have high temporal and spatial variability (e.g., Mahoney et al. 1990; Taylor and Mahoney 1990 ), and we judged that the effort required for effective quantitative sampling exceeded our resources. Instead, we focused on species composition. For each bimonthly sample, we collected extensively across microhabitats, including the areas sampled for macroinvertebrates, throughout each wetland using hand nets with 102-μm Nitex mesh. Samples were preserved with formalin and sucrose. Adults were identified to species using the taxonomic resources listed in DeBiase and Taylor (2005) . Representative specimens were mounted on slides for reference. The taxonomy of southeastern microcrustaceans is not well-resolved for some groups, but we endeavored to maintain consistency in our use of species designations within this study.
Statistical Analyses
The first 3 years of the study, 1998 through 2000, constituted the pre-rehabilitation phase; the next 3 years, 2001 through 2003, the rehabilitation phase. We further separated the rehabilitation phase into the 2 years of low rainfall (2001 and 2002) , when some treatments were still being implemented, and the year of high rainfall (2003), after treatments were completed. Most of the analyses focused on the late winter to early summer season (February, April, and June samples), which represent the typical season for flooding in depression wetlands of the Southeastern US (Kirkman et al. 2012) . For the wet year of 2003, when many of the wetlands held water much longer, additional analyses focused on the late summer to early winter season (August, October, and December samples).
To assess community compositions of macroinvertebrates among the 20 study wetlands over the 6 years of study, we developed one metric for each wetland with February-June data for each year (averaging samples collected in February, April and June, if flooded). We used Non-Metric Dimensional Scaling (NMDS) to enable us to visualize variation among wetlands, using a Bray-Curtis distance measure of log 10 (x+ 1) transformed data. We then used Analysis of Similarities (ANOSIM) testing, also based on the Bray-Curtis distance measure, to assess the significance (P<0.05) of any treatment effects (rehabilitated vs. control wetlands). With FebruaryJune data, we compared six groups: 1) treatment wetlands during the pre-rehabilitation phase (1998) (1999) (2000) ; 2) control wetlands during the pre-rehabilitation phase; 3) treatment wetlands during the rehabilitation phase dry years (2001) (2002) ; 4) control wetlands during the rehabilitation phase dry years; 5) treatment wetlands during the rehabilitation phase wet year (2003); and 6) control wetlands during the rehabilitation phase wet year. With August-December data for the rehabilitation phase wet year (2003), we compared treatment and control wetlands. Where ANOSIM analyses suggested treatment effects on overall communities, we then used non-parametric Mann-Whitney U-tests (P<0.05) to assess which families differed in relative density between control and treatment wetlands.
For microcrustaceans we used the same approach as for macroinvertebrates, except that the analyses were performed on Jaccard dissimilarity matrices computed from presence/ absence data (combined February, April, and June samples for each year; combined August, October, and December samples for 2003). We used classification trees to identify species and conditions associated with differences among assemblages. We also used non-parametric tests (P<0.05) to compare changes in numbers of species between phases for control and treatment wetlands.
Both NMDS and ANOSIM analyses were conducted using Primer 6 software (Primer-E Ltd., Ivybridge, UK) or the vegan package in R (Oksanen et al. 2014) . Classification trees were constructed in S-Plus (Tibco Software Inc., Palo Alto, CA).
Results

Macroinvertebrate Responses
We collected 39 families of macroinvertebrates from the set of 20 study wetlands over the 6 year study. NMDS ordination suggested considerable variation in macroinvertebrate family compositions among wetlands and years (Fig. 2) . Control and treatment wetlands from the pre-rehabilitation phase and the rehabilitation phase dry years and control wetlands from the rehabilitation phase wet year all clustered together. In the rehabilitation phase wet year, however, macroinvertebrate assemblages in the treatment wetlands diverged from their previous conditions and also from control wetlands (Fig. 2) .
ANOSIM analyses suggested this visual pattern was statistically significant. Macroinvertebrate communities in control and treatment wetlands were similar over the 3-year pre-rehabilitation phase (1998-2000; P=0.305) . For the four control wetlands, macroinvertebrate communities wetlands did not differ over the 6 year study, being similar all three phases (P ranged from 0.303 to 0.860 for pairwise comparisons). Among the 16 treatment wetlands, communities in the rehabilitation phase wet year were significantly different from both previous phases, the pre-rehabilitation phase (R=0.458, P= 0.001) and the rehabilitation phase dry years (R=0.439, P= 0.001); communities in the pre-rehabilitation phase and the rehabilitation phase dry years were similar (P = 0.354). However, this change in 2003 was not due solely to wetter conditions, because control and treatment wetlands differed that year (R=0.411, P=0.018).
Differences between control and treatment wetlands during 2003 were driven by three families. Neither baetid mayfly nymphs nor coenagrionid damselfly nymphs were collected from any of the four control wetlands from February through June, but they were each collected from 12 of 16 treatment wetlands (4.6 baetid nymphs/sample, SE = 1.38; 4.4 coenagrionid nymphs/sample, SE=1.9) (U=56, z=2.27, P= 0.022 for each family). Dysticid predaceous diving beetles (larvae + adults) were also significantly more abundant in treatment wetlands (8.3 beetles /sample, SE=2.3) than control wetlands (1.2 beetles/sample, SE=1.4) (U=53.5, z=2.03, P= 0.039).
In 2003 all wetlands retained surface water into the late summer and autumn. Over the August to December 2003 period, ANOSIM again suggested a strong treatment effect (R=0.401, P=0.017). However, 3 different families were driving this difference. Chironomid midge abundance averaged 183.7 larvae/sample (59.7 SE) in control wetlands, and 846.2 larvae/sample (148.9 SE) in treatment wetlands (U= 52, z=2.55, P=0.008). Chaoborid phantom midge abundance averaged 0.5 larvae/sample (SE=0.6) in control wetlands and 24.0 larvae/ sample (SE=9.4) in treatment wetlands (U=53.5, z=2.71, P=0.003). Notonectid backswimmers were marginally more abundant in treatment wetlands (11.4 backswimmers/sample, SE=3.4) than control wetlands (3.2 backswimmers/sample, SE=2.7) (P=0.060). Differences for baetids, coenagrionids, or dytiscids were no longer evident, although baetids remained present only in treatment wetlands.
Microcrustacean Responses
We collected 83 species of microcrustaceans in 11 families from the 20 study wetlands over the 6 year study (Table 2) . Identifiable stages of at least one species were present in all but one of the 262 samples. Nearly 20 % occurred in only 1 or 2 samples. Sixteen species were common, occurring in 40 % or more of the samples for any month (Table 2) . Among the 17 wetlands sampled in all 6 years, 64 species in 10 families were collected in the pre-rehabilitation phase; 73 species in 11 families, in the rehabilitation phase; 54 species in 10 families, in both phases.
Most of the common species were daphniid cladocerans or cyclopoid copepods (Table 2 ). The daphniids Daphnia laevis, Ceriodaphnia megops, and Ceriodaphnia laticaudata and the cyclopoid Diacyclops haueri are wetland pond specialists on the SRS; the other common species occur in both wetland ponds and impoundments. Both Ceriodaphnia species and D. haueri were most prevalent in February or April and completely absent in two or three of the other 4 months. The other common species were present in all months but most prevalent in June or August. Common species occurred in more treatment wetlands during the rehabilitation phase than during the pre-rehabilitation phase (median change in number of wetlands=3; Wilcoxon signed-rank test on change: P= 0.003, N=16 species), but no change was detected in control wetlands (median change=0; P=0.15).
Both of the large branchiopods and 5 of the 6 calanoid copepods are also wetland pond specialists on the SRS (Table 2) . None was common, and changes in occurrence from pre-rehabilitation to rehabilitation phases for both control and treatment wetlands were negligible (±1 wetland at most).
During the pre-rehabilitation phase, the median numbers of species per wetland were 21 (range 13 to 46) for the control wetlands and 14 (range 3 to 35) for the treatment wetlands. During the rehabilitation phase, the medians were 28 (14 to The number of species collected in all 20 study wetlands is given by family. For every common species (see text) and for other species of special interest, the number of wetlands where each taxon occurred in the pre-rehabilitation (1998) (1999) (2000) and rehabilitation (2001) (2002) (2003) phases is given; wetlands without 3 years of pre-rehabilitation phase observation (see Table 1 34) for the control wetlands and 24 (12 to 37) for the treatment wetlands. These changes differed significantly from 0 for the treatment wetlands (Wilcoxon signed-rank test, P<0.01) but not for the control wetlands (P=0.88). NMDS ordination showed considerable variation in microcrustacean assemblages in February to June among wetlands and years (Fig. 3) . In contrast to the macroinvertebrates, assemblages from the pre-rehabilitation phase and in the rehabilitation phase dry years did not cluster together, and the points were broadly scattered. Assemblages from the rehabilitation phase wet year formed a tighter central cluster.
Microcrustacean assemblages of control wetlands in February to June did not differ from those of treatment wetlands in any phase of the study (pre-rehabilitation, P=0.385; rehabilitation dry years, P=0.084; rehabilitation wet year, P= 0.304). Control assemblages did not differ among the three phases (P=0.686). Treatment wetlands did differ among the three phases (ANOSIM, P=0.009). Treatment wetlands in the pre-rehabilitation phase differed from those of rehabilitation phase dry years (P=0.004) and rehabilitation phase wet year (P=0.023), but wetlands in the two rehabilitation phases did not differ (P=0.353). However, exploratory analysis indicated that pattern in the NMDS plot was strongly influenced by hydroperiod. Assemblages of wetlands sampled in February, April, and June, (longer hydroperiods; N=38) formed a central cluster. Assemblages of wetlands sampled in only one these months (short hydroperiods; N=12) all fell outside this cluster, as did most (24) assemblages of wetlands sampled in only two of these months (medium hydroperiods; N=29).
Although the February to June assemblages did not differ between control and rehabilitated wetlands in 2003 (see above), the August to December assemblages did differ (ANOSIM, P=0.05). Classification trees identified presence of Macrocyclops albidus as the most important difference between the assemblages of the treatment and control wetlands. This species was present in most (13 of 16) of the treatment wetlands, but absent from all four of the control wetlands in the August to December assemblages.
Further analysis of assemblages for the entire year (February to December samples) with classification trees identified presence of Diacyclops crassicaudis brachycercus and Moinodaphnia maclaeyi as the most important differences among assemblages of the treatment wetlands between the pre-rehabilitation and rehabilitation phases. Moinodaphnia maclayei occurred only in the rehabilitation phase and only in treatment wetlands. It appeared in 2001 in 8 of the treatment wetlands in June or August samples; 7 of these wetlands had been planted with grasses earlier in the year. By 2003, Moinodaphnia occurred in only 1 wetland (#5184, an unplanted wetland). Occurrence of Diacyclops crassicaudis brachycercus showed no obvious pattern. It appeared in 1 control wetland (#147) during the pre-rehabilitation phase, but not afterward; it appeared in most of the other wetlands, both control and treatment, during the rehabilitation phases, mainly in February samples.
Discussion
Both macroinvertebrate and microcrustacean assemblages responded to the ecological rehabilitation of previously ditched depressional wetlands. In some ways, each group responded similarly, but in others they responded quite differently. Despite large natural variation in weather and wetland hydroperiods across the 6 study years, we did not detect any significant change in either macroinvertebrate or microcrustacean assemblages in the control wetlands. The small number of control sites (4) and large variation within the group probably contributed to this lack of significance, but studies elsewhere suggest that wetland invertebrates exhibit considerable resilience to natural variation in environmental conditions (Batzer et al. 2004; Batzer 2013; Culler et al. 2014) .
In contrast, change in the treatment wetlands was more pronounced. For macroinvertebrates, assemblages remained similar over the first 5 years of the study, despite the initiation of rehabilitation efforts in year 4 (2001), but assemblages then changed dramatically in 2003 when rehabilitation was complete and rainfall was higher. For microcrustaceans, changes in the assemblages were detectable in the first 2 years of the rehabilitation phase.
We could definitively link overall changes in macroinvertebrate assemblages to rehabilitation efforts because compositions in treatment and control wetlands differed in 2003. It is perhaps noteworthy that microcrustacean assemblages differed marginally (P=0.084) between treatments in [2001] [2002] . Additional support for a rehabilitation effect became evident when we examined late season (August-December) responses in 2003, when both macroinvertebrate and microcrustacean assemblages differed between treatment and control wetlands. Because all of the wetlands examined in 2003 had more similar hydroperiods (all held water in the late summer or beyond), this suggests that rehabilitation responses entailed more than simply a hydrologic effect.
Examination of which taxa responded to rehabilitation efforts provided additional insights. Among the macroinvertebrates, baetid mayflies exhibited the strongest response to rehabilitation. As algal feeders the nymphs may have benefitted from the reduction in shade, increased nutrients from decaying tree-slash, and a proliferation of herbaceous plants (De Steven et al. 2010 ) associated with rehabilitation. In 2006 , Taylor and Batzer (2010 used stable isotopes to assess diets of non-predaceous chironomid midge larvae in one rehabilitated (#5204) and one control (#118) wetland, and found that larvae in the rehabilitated site relied almost solely on algae for food, while larvae in the control site relied on an assortment of detrital and algal foods. However, a response by baetids to rehabilitation was unexpected because ephemeropterans are typically rare in nearby relatively undisturbed, open-marsh depressional wetlands (Schalles and Shure 1989; Leeper and Taylor 1998b) , conditions that the rehabilitation was designed to achieve. Baetid mayflies lack desiccation resistance and colonize wetlands aerially (Wiggins et al. 1980) , and their prevalence in rehabilitated wetlands may have represented an opportunistic colonization response. The other macroinvertebrate taxa that responded to rehabilitation (Coenagrionidae, Dytiscidae, Chironomidae, Chaoboridae, and Notonectidae) were also active aerial colonists, largely lacking desiccation resistance (Wiggins et al. 1980; Dietz-Brantley et al. 2002) , that migrated to the rehabilitated wetlands from other aquatic waterbodies (including other wetlands). Unlike the mayflies, however, these additional taxa were largely predaceous. The presence of numerous other wetlands near the study wetlands likely accelerated and enhanced colonization by insects.
Microcrustacean assemblages appeared to respond mainly to hydrologic conditions in both treatment and control wetlands. These responses were evident in the increases in species richness and changes in assemblage composition with duration of hydroperiod. The rapidity of the response to rehabilitation suggests that it was driven mainly by emergence from resting eggs (cladocerans, branchiopods, and calanoid copepods) or dormant late instar copepodids (cyclopoid copepodids) in the sediments.
Among microcrustaceans, the cladoceran Moinodaphnia maclayei may have been introduced to treatment wetlands in conjunction with planting of wetland grasses. Because its prevalence had declined by 2003, we speculate that it will not persist. The prevalence of the cyclopoid copepod Macrocyclops albidus in treatment wetlands, but not in control wetlands, in summer and fall 2003 suggests an opportunistic response to disturbance. This predatory species, which has been used as a mosquito control agent, adapts to a wide range of habitats (Marten et al. 2000) .
In wetlands, one might expect specialist, desiccation-resistant, primary-consumer taxa to respond most to changes in hydrology and vegetation; these species would be full-time residents of the wetlands, during both wet and dry periods, and would also be reliant on the quantity and quality of primary production in the wetlands. This expectation was certainly met by responses of the microcrustaceans in our study. However, the macroinvertebrate taxa that responded to rehabilitation were largely generalist, non-desiccation resistant, predatory taxa. Many of the invertebrate responses to this rehabilitation suggest opportunism rather than restoration per se. In companion work on amphibians in these same wetlands, eastern spadefoot toads (Scaphiopus holbrookii) and southern toads (Bufo terrestris) responded most dramatically to rehabilitation (see Barton et al. 2007) , and both of these anurans are opportunistic generalists that breed indiscriminating in regional wetlands, ditches, and natural and artificial ponds (Dorcas and Gibbons 2008) . Opportunistic reinvasion by upland and facultative wetland trees (e.g., sweetgum) was also prevalent in many treatment wetlands (De Steven et al. 2010) . Fortunately, all of the invertebrates that responded to this rehabilitation were native species; exotic invasives can often establish and proliferate in wetland restorations (Galatowitsch and Zedler 2014) .
One clear desirable finding from our study was that we failed to detect negative impacts of rehabilitation activities on any invertebrate taxon. Despite substantial disturbance to the soils of the treatment wetlands in 2001-2002, during periods when the microcrustaceans and many macroinvertebrates were dormant in the wetland soils (see Dietz-Brantley al. 2002) , no common species were evidently lost from the rehabilitated wetlands. Our first 3 years of rehabilitation response may represent a post-disturbance re-colonization phase for macroinvertebrates (e.g., Ruhí et al. 2013) , and much longer periods of monitoring may be required to accurately assess whether restoration goals are ultimately met (i.e., a relatively-stable, resilient invertebrate community develops).
For microcrustaceans, responses probably depended mainly on the pre-treatment species pool, which confers some resilience to change. This species pool was large: assemblages of the pre-treatment phase included two-thirds of the microcrustacean species known from extensive surveys of wetland ponds on the SRS (DeBiase and Taylor 2005). In the half century or more since the wetlands were ditched, many of the basins had either retained or regained rich microcrustaceean assemblages. Both colonization and extirpation may be slow processes for many of the microcrustacean species; again, much longer periods of monitoring may be required to assess responses to rehabilitation.
This rehabilitation effort used several metrics to measure success. No single metric was unequivocal. Measurements of hydrology indicated that response to ditch plugging depended on underlying soils (mostly clay content) (Barton et al. 2008) . In terms of hydrology, it was determined that 7 of 16 rehabilitated wetlands responded strongly, 5 responded weakly, and 4 did not respond at all (i.e., the original ditches were non-functional, and thus plugging them made no difference). Much of the positive hydrologic response was not detectable until after drought conditions ended in year 3 post-rehabilitation. Plant response was more consistent, at least initially. Immediately after rehabilitation began, herbaceous plant cover increased dramatically in every logged wetland, despite drought (7 %, range 0-35 % pre-rehabilitation to 76 %, range 52-97 % year 1) (De Steven et al. 2010) . However, the response by obligate wetland herbs was less dramatic (33 % of species prior to rehabilitation to 51 % immediately after). Further planned trajectories (towards either herbaceous or woody wetland vegetation) did not develop, with some of the wetter Bforested^wetlands remaining herbaceous (with most of the planted wetland seedlings dying), and some designated Bherbaceous^wetlands being naturally reinvaded by trees (mostly sweet gum).
Invertebrate metrics were also equivocal. Macroinvertebrate measures suggested a broad response, but only after drought conditions ended. Response for some groups (Baetidae) seemed more related to plant responses than hydrologic change. Microcrustacean measures suggested a stronger response to hydrology. As for most wetlands (Batzer and Wissinger 1996; Batzer 2013 ), it appears that both hydrologic and plant factors were, in part, controlling invertebrate responses. However, the vagaries of colonization, via both natural and unintentional-human introductions, and opportunism by certain species were also shaping invertebrate community compositions. Brown and Batzer (2001) and Hartzell et al. (2007) previously reported that a combination of physical, vegetative, and animal responses yields considerably more information about wetland restoration than any single metric. Because this project used multiple approaches, with each providing different kinds of information, we can conclude that the rehabilitation effort was overall successful, although benefits were meagre in a few wetlands (e.g., wetland #124 showed minimal invertebrate response, and no hydrologic response). Because positive plant and macroinvertebrate responses were sometimes independent of hydrologic rehabilitation, a sole reliance on hydrologic restoration is probably inadequate to rehabilitate some impaired wetlands. Obviously many factors can affect rehabilitation trajectories, such as weather, soils, natural colonization patterns, intentional (or unintentional) introductions of species, and patterns of survival for different organisms. As such, relying on a small number of metrics to evaluate success is probably very risky. Further, accurate assessment may require many years of effort.
